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Wildfire is one of the most important disturbances affecting boreal forests. Most previous research on boreal
forest fires has occurred in North American forests which have different fire regimes, tree species and are less
intensively managed than their Eurasian counterparts. Recent extreme fire years have highlighted the vulnera-
bility of the Nordic boreal forest to climatic shifts that are increasing forest fire frequency and severity. The
Ljusdal fire (2018) was one of the largest wildfires in recorded history in Sweden. We established eddy
covariance flux towers to track the impacts of this fire on the carbon balance of two Pinus sylvestris sites subject to
different fire severities and forest management strategies 1-4 years post-fire. The ‘SLM’ site was a mature stand
that experienced low-severity fire (trees survived) followed by salvage-logging and reseeding, whilst the ‘HY” site
was 10 years old when it experienced high-severity fire (all trees killed) then was replanted with seedlings.
During the study period, both sites were net carbon sources at the annual scale. It took up to 4 years after the fire
until the first day of net CO, uptake was recorded at each site. We estimated that it will take 13 years (8, 21;
mean + 95 % confidence intervals) after the fire until the sites reach a neutral annual carbon balance. It will take
up to 32 years (19, 53) at HY and 46 years (31, 70) at SLM to offset the carbon lost during and after the fire and
salvage-logging. In addition, our measurements showed that more carbon was emitted in the first 4 years after
the fire compared to the carbon lost from combustion during the fire. Quantifying carbon fluxes during the initial
years after fire is therefore crucial for estimating the net impact of wildfire on the carbon budget of boreal forests.

1. Introduction The immediate post-fire years are critical for setting the recovery

trajectory of burnt forests because this is when the most dramatic

Boreal forests store vast amounts of carbon but it is uncertain
whether they will remain carbon sinks as disturbances become more
frequent with climate change and increasing resource exploitation
(Anderegg et al., 2022). Wildfire is one of the most important distur-
bances affecting boreal forests and leads to large immediate losses of
carbon (Bond-Lamberty et al., 2007). The net effect of fire on the forest
carbon balance ultimately depends on how fast the forest recovers
before the next disturbance. In some parts of the boreal region, the
frequency of wildfires in the last few decades is already higher than at
any other period during the last 10 000 years, threatening not only
ongoing carbon sequestration but also long-term carbon stores (Feur-
dean et al., 2020; Kelly et al., 2013; Walker et al., 2019).
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changes occur in the carbon exchange between the forest and the at-
mosphere (Amiro, 2001). The net carbon dioxide (CO,) balance of a
forest stand can be defined as the Net Ecosystem Exchange (NEE), which
is the difference between CO5 uptake by photosynthesis (Gross Primary
Productivity, GPP) and CO, emissions from vegetation and soil respi-
ration (together known as Ecosystem Respiration, ER). Boreal forests in
North America tend to become a net source of carbon after fire because
the typical stand-replacing fires cause ER to easily outweigh the GPP of
any remaining vegetation (Goulden et al., 2011). Previous estimates
from Canada suggest it can take at least a decade after fire for a forest to
become a net CO; sink at the annual scale, although daytime net uptake
of CO5 occurs earlier (Amiro et al., 2003; Goulden et al., 2011). The
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emission of CO; in post-fire forest stands can add up to a significant
proportion of the carbon emitted during the fire itself, emphasizing the
importance of measuring carbon after a fire (Ueyama et al., 2019). In
addition, fire changes light availability and soil temperature, moisture
retention and chemistry, which feedback to influence the recovery of
vegetation and soil microbiota (Bansal et al., 2014; Gustafsson et al.,
2020). As a result, ecosystem carbon fluxes are affected for decades
following fire (Dooley and Treseder, 2012; Mack et al., 2021).

Flux towers provide high frequency measurements of NEE that can
be partitioned into ER and GPP to examine how the ecosystem CO,
balance changes over time since fire and what factors drive these
changes. Although there are previous flux tower studies in burnt boreal
forests, several knowledge gaps remain. Firstly, most work has been
carried out in North American boreal forests, which have different tree
species and fire regimes to those in Eurasia (De Groot et al., 2013). In
Eurasian forests, low-severity surface fires are the norm, in contrast to
the stand-replacing crown fires in North America. In addition, most
studies have used chronosequences (e.g. Amiro et al., 2006; Goulden
et al., 2011; Litvak et al., 2003; Mkhabela et al., 2009), with very few
measuring NEE over multiple years at the same site, especially in the
period immediately after fire (Ueyama et al., 2019). Lastly, to the au-
thors’ knowledge there are no flux tower studies that explicitly consider
how boreal forests are managed after fire, even though these decisions
could have a large influence on the CO, exchange of the burnt forest.

Over half of the boreal forest area is managed, although management
intensity varies widely across the region (Gauthier et al., 2015). In the
Nordic countries, >70 % of forest area is intensively managed for timber
production and as a result, fire suppression has been highly successful
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(Hogberg et al., 2021; Trivino et al., 2022). Nevertheless, in 2018
Sweden experienced an unprecedented number of wildfires during a
severe and long-lasting drought. This extreme fire season overwhelmed
firefighting resources and highlighted the vulnerability of the region to
fire, especially as hot and dry extremes are predicted to become more
common (IPCC, 2023). In forests managed for commercial production,
owners must often make rapid decisions after fire of whether to
salvage-log, how to replant and with what species. Our lack of under-
standing of the effects of these choices on the forest carbon balance
hampers sustainable decision-making.

Shortly after the extreme 2018 fire season, we established two eddy-
covariance flux towers in Scots pine (Pinus sylvestris) stands affected by
the Ljusdal fire in Sweden, which was the largest area burnt that year.
The two sites contrast in terms of fire severity, age of the trees at the time
of the fire and post-fire forest management. Our estimates of NEE, ER
and GPP cover the first four growing seasons after the fire and contribute
to filling the data gap in CO flux measurements in the early post-fire
years for Eurasian fires. We track how post-fire management decisions
have shaped the recovery of vegetation at the sites and their carbon sink

capacity.
2. Methods
2.1. Study area
Our two study sites are located within the area burnt by the Ljusdal

fire in central Sweden (61°56'N, 15°28E; Fig. 1a). The area is dominated
by managed Pinus sylvestris forests with a lichen and shrub understory.

HY flux tower

Footprint contour

Fig. 1. a) Location of the SLM (Salvage-logged Low-severity Mature site; red triangle) and HY (High-severity Young site; orange triangle) flux towers within the
Ljusdal fire area with inset map showing site location (black star) within Europe. b) and c) are aerial photos showing SLM and HY sites in 2017 before the fire. d) and
e) are drone orthomosaics showing SLM in 2020 and HY in 2018 after the fire with flux tower location and footprint outline (10-80 % contours of FFP model; (Kljun

et al., 2015). Data sources: EuroGeographics, ESA, Lantmaéteriet, Skogsstyrelsen.
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The fire occurred in July 2018 and was ignited by lightning strikes that
hit forests already suffering from a long and severe drought. The fire
burned 8995 ha, making it the second largest in Sweden within the last
century. Fire severity varied across the burnt area with complete tree
mortality in some areas (which we define as high-severity fire) and
complete tree survival with bark scorching in others (which we define as
low-severity fire). Our two study sites are located within 3 km of each
other and therefore experienced the same weather conditions. The
average annual air temperature between 2019 and 2022 when our
measurements were conducted was 3.8 °C and the average annual pre-
cipitation was 652 mm (Ytterhogdal, SMHI 2023). For more details
about the study area and fire please see Kelly et al. (2021).

In August 2019, one year after the fire, we installed an eddy
covariance (EC) flux tower system at a young Pinus sylvestris forest that
was affected by high-severity fire in which all trees died (in the
following called HY, High-severity Young; Table 1). All vegetation was
consumed during the fire, leaving only a thin forest floor layer at the site.
The dead trees were left standing and in the summer of 2020 the site was
replanted with nursery seedlings of Pinus sylvestris without any ground
preparation being undertaken (Fig. 2d). Since the fire, wind erosion has
exposed more and more of the white sandy mineral layer and many of
the dead trees have fallen (Fig. 2b, d).

In June 2020, two years after the fire, we installed a second EC flux
tower system at a mature Pinus sylvestris site which was affected by low-
severity fire, i.e. the trees survived but the forest floor layer was
consumed, (in the following called SLM, Salvage-logged Low-severity
Mature; Table 1, Fig. 2a, c). The site was salvage-logged in the winter
following the fire. Only the stumps and branches were left at the site.
Soil scarification was performed, which created furrows of exposed
loamy mineral soil interspersed with ridges of undisturbed burnt organic
soil. After the scarification, seeds of Pinus sylvestris were spread across
the site. We note that the forest owners were responsible for deciding
which post-fire management practices were implemented at each site
and we could not influence this decision.

2.2. Biometeorological measurements

At both sites, air temperature and humidity were measured at 2 m
height with a HygroVUE10 (Campbell Scientific Inc., Logan, Utah, USA).
Incoming and reflected photosynthetically active radiation (PAR) were
measured with full-spectrum Quantum sensors (two downward facing
sensors at HY and one at SLM; SQ-500-SS, Apogee Instruments, Logan,
Utah, USA). A four-component net radiometer was also installed on both
flux towers (SLM: SN-500, Apogee Instruments, Logan, Utah, USA; HY:
CNR4, Kipp & Zonen, Delft, The Netherlands). At HY, precipitation was
measured during snow-free periods using a rain gauge (ARG 314,
Environmental Measurements Ltd., North Shields, United Kingdom) and
gapfilled with national monitoring station data. At both sites soil

Table 1
Site characteristics. The forest floor refers to the soil organic layer and litter
layer.

HY SLM
Coordinates 61.94°N, 15.48°E 61.94°N, 15.43°E
Altitude (m a.s.l.) 229 234
Fire severity High Low
Post-fire Dead trees left standing, Surviving trees salvage-logged,
management pine seedlings replanted soil scarification and pine seed
in summer 2020 spreading in winter 2018/2019
Tree age in 2018 10 54
(years)
Forest floor 1.2 0-2.6
thickness after
fire (cm)
Charred forest 0.8 0-1.1
floor thickness
(cm)
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temperature and volumetric soil water content were measured at three
locations and two depths near the flux tower (7.5 cm and 15 cm; CS655,
Campbell Scientific Inc., Logan, Utah, USA) and one soil temperature
profile was also installed (3 cm, 7.5 cm and 15 cm depths, 107 tem-
perature probes, Campbell Scientific Inc., Logan, Utah, USA). Soil heat
flux was measured at 16 cm depth using one plate at HY and two plates
at SLM (in disturbed mineral soil and below the undisturbed burnt
organic layer; HFPO1l, Hukseflux Thermal Sensors, Delft, The
Netherlands). The soil heat flux data was corrected to account for heat
stored in the soil above the plates following Meyers (2004).

To compare the weather at our sites during the study period
(2019-2022) with the long-term average, we used air temperature and
precipitation data from the national monitoring station Ytterhogdal
(263 m a.s.l, 40 km northwest of our sites, SMHI, 2023).

To track vegetation regrowth at the sites, we performed vegetation
surveys in July 2020-2022. Percentage cover was visually estimated for
all species within a 25 cm x 25 cm quadrat at 12 locations along 2
transects at each site. We also measured the height of all Pinus sylvestris
seedlings within 4 circular plots of 3 m radius at the ends of the vege-
tation survey transects.

2.3. Eddy covariance measurements

At HY, an LI-7500 gas analyser (LI-COR Environmental GmbH, Bad
Homburg, Germany) and uSonic-3 Omni sonic anemometer (METEK
GmbH, Elmshorn, Germany) were installed in 2019 at 5.45 m height. At
SLM, an EC155 gas analyser with a CSAT3A sonic anemometer (both
Campbell Scientific Inc., Logan, Utah, USA) were installed in 2020 at
2.15 m height (Table S1). When the sites were first established, they
were powered by solar panels and batteries and thus no data was
collected during the dark winter months (~November-March). In late
2021, SLM was connected to mainline power and could provide year-
round data. The flux data and ancillary biometeorological measure-
ments were processed in Eddy Pro (v.7.0.9, LI-COR Environmental
GmbH, Bad Homburg, Germany). More details on the relevant correc-
tions and filtering can be found in the Supplementary Information. The
filtering resulted in between 28 and 35 % of the original 30 min periods
of CO, data being discarded per year for SLM and 54-60 % for HY.

We used the REddyProc R package (Wutzler et al., 2018) to remove
periods with low friction velocity (u+), perform gapfilling and flux par-
titioning. The us-threshold was estimated for each year and site sepa-
rately and varied between 0.06-0.11 ms™!, leading to the removal of
<20 % and <2 % of the CO4 flux data at SLM and HY respectively. Net
Ecosystem Exchange (NEE) was partitioned into Gross Primary Pro-
ductivity (GPP) and Ecosystem Respiration (ER) using the daytime
method and soil temperature (7.5 cm depth; Lasslop et al., 2010). We
used the daytime method because there were very few dark night hours
during the main growing season at the high latitude location of our sites.
Note that in the daytime method, both GPP and ER are modelled esti-
mates and therefore do not sum up exactly to NEE (Lasslop et al., 2010;
Wautzler et al., 2018). We estimated the uncertainty (expressed as stan-
dard deviation) in the growing season sums of NEE, GPP and ER due to
u* filtering and gapfilling, see the Supplementary Information and
Tables S2-S4 therein. The combined uncertainty was between 2.5-18.0 g
C m~2 growing season ', depending on the site and year, corresponding
to 2-11 % of the growing season flux sum.

NEE data is presented using the micrometeorological sign conven-
tion of negative NEE as uptake of CO5 and positive NEE as CO, emission
from the ecosystem. The growing season energy balance closure was
between 86 and 112 % at HY and 95-104 % at SLM based on daily mean
soil, sensible and latent heat fluxes and net radiation between May and
October. In our discussion of the EC data and other results, we define the
‘growing season’ as May 1 to October 31, (based on mean daily soil
temperature >0 °C, Jarvis and Linder, 2000) and ‘peak growing season’
as June 1 to August 31, when the vegetation is most active at our sites.

The footprint climatology for both sites was calculated using the Flux
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Fig. 2. Photos showing vegetation recovery at the sites since the fire a) in 2020 at SLM (Salvage-Logged Low-severity Mature), b) in 2019 at HY (High-severity

Young), ¢) SLM in 2022, d) HY in 2022.

Footprint Prediction (FFP) model of Kljun et al. (2015) with the
quality-controlled and filtered 30-min resolution EC data for all avail-
able years as input. The roughness length was estimated following Graf
(2014).

2.4. Direct C loss from the fire and salvage-logging

We estimated the amount of C lost during the fire to compare with
our EC measurements of C lost post-fire. At HY, the tree stems, branches
and root biomass were not fully combusted and remained on site after
the fire (see Fig. 2b, d). Hence the main tree-related C loss at HY was
from the burnt needles and small twigs. Using allometric equations for
Swedish Pinus sylvestris from Marklund (1988), we calculated a dry
biomass of 0.4 kg per tree for needles and fine twigs, which upscaled to a
loss of 0.0197 kg C m™2 at the site scale (based on a dry biomass C
content of 50 % (Houghton et al., 2009) and a density of 984 trees ha™?
at HY). To calculate the loss of forest floor C due to combustion, and
considering pre-fire measurements at the same site were not available,
we measured the C in the forest floor in an unburnt young Pinus sylvestris
site of similar age (within 2 km of HY), following the same protocol as in
Kelly et al. (2021). The C stocks in the forest floor at the unburnt site
were 0.965 kg C m~2 compared to 0.501 kg C m~2 at HY which gives a
0.464 kg C m~2 loss from the consumption of the forest floor during the
fire. We considered the C lost from the shrub layer or small seedlings that
were growing at the unburnt young site as negligible, as Granath et al.
(2021) showed that the shrub layer only accounted for ~2 % of the total
forest C loss found after another Swedish forest fire. Visual inspection at
HY one year after the fire also did not reveal evidence of an abundant
shrub cover before the fire.

At SLM, the only C loss during the fire came from the consumption of
the forest floor layer, since the trees survived the fire (only bark
scorched) and the tree stems were removed during the salvage-logging
after the fire. We therefore used the value of 0.43 kg C m ™2 lost from
the forest floor estimated for a nearby (2.5 km), very similar, low-

severity fire site in the Ljusdal fire area (‘LM’ site in Kelly et al,
2021). To calculate the amount of C removed from the ecosystem as a
result of the salvage-logging, we used data on the timber volume (112
m> ha™!) provided by the forest owner and an average wood density of
398 kg m~2 for Pinus sylvestris (Wilhelmsson et al., 2002), of which 50 %
was C, giving a total C loss of 2.2 kg C m™2. The C contained in the tree
branches and needles was not included in our estimate of C loss because
they were not removed from the site during the salvage-logging.

2.5. Carbon balance recovery after fire

To estimate the duration for NEE to recover after the fire, we
modelled annual NEE over time since the fire using a model developed
by Coursolle et al. (2012) for Canadian boreal forests recovering from
logging or wildfire, where NEP = a*exp(b*stand age) + c*exp(d*stand
age). The model was originally based on Net Ecosystem Productivity
(NEP) but we present the results as NEE (i.e. NEE = -NEP). In this study,
we fit the model separately to annual NEE estimates from HY and SLM,
combined with NEE from 31 Pinus sylvestris stands in northern Sweden
between 5 and 185 years old (Peichl et al., 2022a, 2022b), and an
average annual NEE estimate for a 100 year old Pinus sylvestris stand also
in northern Sweden (Rosinedalsheden; (Chi et al., 2021). It is important
to note that the NEE data from Peichl et al. (2022a) and Chi et al. (2021)
are from unburnt, harvested stands. To transform our growing season
NEE measurements to annual NEE sums for use in the model, we added
13 % extra C emission, which is the proportion of C emitted during the
dormant season based on data from SLM in 2022. See the Supplementary
Information for information on the model parameters.

2.6. Spectral data

To track vegetation regrowth, a set of spectral sensors (SRS-NDVI,
Decagon Devices, Pullman, Washington, USA) with red and NIR (near
infrared) bands were installed in 2019 at HY. In 2020, the same sensors
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were installed at SLM with an additional downward-facing sensor to
better capture the spatial variability in vegetation regrowth. The data
were processed to create daily means of EVI2 (2-band Enhanced Vege-
tation Index; (Jiang et al., 2008) following the SITES (2022) protocol.
We refer to this in-situ data as EVI2;,.

To capture a timeline of vegetation greenness before and after the
fire (2017-2022) we used Sentinel-2 data (S2, 10 m resolution) to
calculate EVI2 (EVI2g5) across the flux tower footprint area (up to the 80
% contour, applying footprint weighting). Using only cloud-free pixels,
the data were gapfilled and smoothed pixel-wise to create daily time
series using a spline in TIMESAT4 (CLMS, 2023; Jonsson and Eklundh,
2004). The data from our two burnt sites were compared to EVI2g,
extracted for a nearby unburnt mature Pinus sylvestris site (henceforth
referred to as ‘UM’, cf. Kelly et al. (2021), which had similar weather
and soils as the HY and SLM sites. We also used MODIS 8-day composites
(MOD09Q1, v.6.1, 250 m resolution) to extend the pre-fire EVI2
(EVI2,0q) timeseries to 2014. We could not produce a MODIS time series
for the UM site because it was too small relative to the MODIS pixel size.

3. Results
3.1. Weather conditions 2019-2022

During the study period, growing season weather was within the
range of variability experienced over the last 20 years (Fig. 3a, b). At the
annual scale, 2019 was notably wetter than any other year during the
measurement period (Fig. 3a, d). In addition, 2020 sticks out for being
the warmest year of the last two decades (Fig. 3a), with very mild air
temperatures during the start and end of the year (Fig. 3c).
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Fig. 3. (a) Annual and (b) growing season (1 May - 31 October) air temperature
(Tair) versus precipitation (PPT) anomalies for 1999-2017 (grey asterisks) and
study period 2019-2022 (coloured symbols). The circled orange asterisk
highlights 2018, the year of the fire. (c) Monthly mean air temperature during
the fire year and study period. (d) Cumulative monthly precipitation during the
fire year and study period. All data are from the nearest national monitoring
station (Ytterhogdal, 264 m a.s.l.; SMHI 2023).
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3.2. SLM site

3.2.1. Soil conditions

At the SLM site, mean growing season soil temperature (+1c) at 7.5
cm depth was 12.1 + 0.5 °C and usually remained <20 °C even during
the hottest periods (Fig. 4a). In the winter months, soil temperature was
between 0 and —5 °C depending on the thickness of the snowpack and
the timing of snowfall. Mean growing season volumetric soil water
content (SWC) was 20.6 + 1.1 %, dropping down to 14 % during the
driest summer periods (Fig. 4b).

3.2.2. Seasonal CO; fluxes

Growing season mean daily NEE varied between —0.04 to 2.14 umol
m2s~ ! at SLM (Fig. 4c). In 2020 and 2021, NEE showed a pronounced
seasonal cycle driven by ecosystem respiration (ER), with high CO4
emissions corresponding with periods of higher soil temperatures
(Fig. 4c, e). However, in 2022, NEE fluctuated closer to zero during the
growing season and the site recorded its first day with net mean CO5
uptake in July, four years after the fire. Across all the measured years, ER
closely followed the pattern of soil temperature (Fig. 4e). The seasonal
amplitude of GPP increased every year after the fire, with daily means of
up to 3.4 umol m~2 s7! by the fourth year after the fire (Fig. 4d).

3.2.3. Diurnal CO; fluxes

Net daytime CO5 uptake at SLM started in 2022, the fourth growing
season after the fire (Figs. 5a and 6a). At the beginning of June 2022, an
abrupt increase in CO, uptake occurred and NEE then continued to be
negative during the day throughout the growing season.

At the hourly scale, June-August NEE was similar during the night for
all years and became increasingly more negative during the daytime
with each year after the fire (Fig. 6a). In the second year after the fire
(2020) NEE did not have a clear diurnal cycle and the site was a constant
source of COs. In the following years, a clearer diurnal NEE pattern
emerged, driven by GPP which had a much greater diurnal amplitude
than ER during the main growing season.

3.2.4. Winter COz fluxes

In 2022, we recorded the first dormant season (January-April,
November-December) CO5 fluxes at SLM (Fig. 4a). Although daily NEE
was low (mean 0.214+0.10 umol CO» m2sh during these months, the
sum of dormant season NEE (40 g Cm ™2 yr 1) was equivalent to 13 % of
the annual total CO, emissions (dormant season NEE + growing season
ER).

3.2.5. Total carbon loss during and four years after the fire

During the second to fourth growing seasons post-fire, SLM was a net
CO4 source, with NEE growing season sums ranging between 113 and
202 g C m~2 (Fig. 7a). Growing season sums of ER and GPP increased
every year since the fire. As GPP increased faster, there was a reduction
in growing season C loss (decline in NEE) over time since the fire. In
particular, GPP more than doubled in 2022 compared to 2021, sug-
gesting a sharp increase in vegetation growth that summer. In total, 692
+ 13 g C m™2 of CO, was emitted since the fire at SLM during the
growing season only (Fig. 7a, assuming that the 2019 sum of NEE was
the same as in 2020), compared to 430 g C m~2 lost during the fire itself
and 2200 g C m~2 removed from the site during the post-fire salvage-
logging.

The model of annual NEE sums for the SLM site shows that it may
take 13 years (8, 21; mean + 95 % confidence intervals) after the fire
until annual NEE at SLM reaches zero and the site starts to become a C
sink again (model R? = 0.66, RMSE = 90 g C m~2 yr~!; Fig. 7c). How-
ever, it could take 33 years (19, 54) after the fire to completely offset the
C emitted during and after the fire (direct C loss + CO2 emitted until NEE
= 0). The latter estimate does not account for the large amount of C
removed from the ecosystem during post-fire salvage-logging of the
surviving trees. If the C removed by salvage-logging is also accounted
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October). NEE, ER and GPP data are not shown for periods when NEE was gapfilled for >1 day in a row. SWC is not shown when the soil is completely frozen.
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Fig. 6. Mean diurnal pattern of NEE, GPP and ER during June-August for SLM (a-c) and HY (d-f). Shaded areas represent + 1o.

for, it could take 46 years (31, 70) after the fire for all C lost to be offset.
Our NEE estimates closely follow the NEE trajectory modelled by
Coursolle et al. (2012) for Canadian boreal forests after disturbance
(logging or wildfire) for the first four years after fire. However, the
original Coursolle et al. (2012) model predicts smaller NEE in mature
Canadian boreal forests compared to that predicted for mature, actively
managed Swedish pine forests (Peichl et al. 2022a dataset).

3.2.6. Vegetation recovery after the fire

The Sentinel-2 EVI2 (EVI2g5) dropped from 0.31 before the fire to
~0.1 in the first two years after the fire at SLM (Fig. 8a). Since then,
EVI2g, has increased, although by 2022 it was only half of the level
(0.15) observed at a nearby unburnt mature Pinus sylvestris stand (0.31).
The longer MODIS time series shows stable EVI2p,,4 at SLM for the four
years preceding the fire. The in-situ measurements (EVI2;,) show a closer
correspondence to the S2 than MODIS EVI2, which is expected, since the
larger MODIS pixel size (250 m versus 10 m for S2) includes areas
beyond the SLM flux tower footprint. The EVI2;; data suggest a stronger
increase in greenness from 2021 to 2022 compared to previous years,
reflecting the same pattern seen in the growing season GPP sums
(Fig. 7a).

The results of repeated vegetation surveys show that between 2020
and 2022, average vascular vegetation cover at SLM increased from 1.9
% to 2.8 % and bryophyte cover increased from 6.9 % to 28.9 %. In the
2022 survey, the most common vascular species was fireweed (Cha-
maenerion angustifolium), which was present in 58 % of the plots, fol-
lowed by birch (Betula sp), with 17 % plot occupancy. Polytrichum
juniperum was the most common bryophyte we surveyed (92 % plot
occupancy). In the 2020 survey, we also recorded willow (Salix sp.) and
European Aspen (Populus tremula) seedlings, and although they were not
present in the quadrats in the 2022 survey, we did observe many seed-
lings at the site. The Pinus sylvestris seedling density was 1415 seedlings
ha~!at SLM in 2022, with an average height increase of 46 % (from 9 to
17 cm) between 2021 and 2022. It is not possible to estimate how many
of these seedlings originate from the post-fire seed spreading versus
natural regeneration.

3.3. HY site

3.3.1. Soil conditions

At the HY site, mean growing season soil temperature at 7.5 cm
depth was 14.2 + 0.9 °C but mean daily soil temperature often exceeded
20 °C during the summer and reached a maximum of 27 °C in June 2020,
which was one of the warmest months of the entire study period (Figs. 3¢
and 4a). Volumetric soil water content (SWC) was generally <10 % as a
result of the sandy mineral soil at the site, with a mean of 6.6 + 0.3 %
during the growing season (Fig. 4b).

3.3.2. Seasonal CO; fluxes

Growing season mean daily NEE varied between —0.70 to 2.48 umol
m2 s at HY (Fig. 4c). In 2019 and 2020, NEE followed the seasonal
pattern of ER and GPP (Fig. 4a, c, e). A spike in GPP and ER during
August 2020 may be an artefact of NEE gapfilling and partitioning
because there were several consecutive days during this period when
NEE had to be gapfilled, causing higher uncertainty in the partitioned
fluxes. In 2021 and 2022, NEE fluctuated closer to 0 with the first days of
net CO, uptake measured 3 years after the fire. High CO, emissions
occurred in April and May 2022 as the soils began to thaw and the
snowpack melted (Fig. 4c). Mean daily GPP increased with each year
since the fire but even in the first growing season post-fire, there was
evidence of CO, uptake (GPP maximum 2.2 pmol m~2 s71; Fig. 4d).

3.3.3. Diurnal CO; fluxes

At the hourly scale, HY had lower NEE during the day than at night
during all measured growing seasons (Figs. 5b and 6d), highlighting the
strong role of GPP in driving the daily NEE fluxes. Daytime CO, uptake
has increased every year at HY, with the largest increase in 2021 relative
to 2020 (i.e. the 3rd year after the fire, Fig. 6e). Even in the first growing
season post-fire (2019), there was a notable GPP flux (~1 umol m2 s’l,
Fig. 6e). Nighttime NEE was also higher in 2019 than in the following
growing seasons (Fig. 6d). We note that there were more gaps in the data
during 2019 compared to the following years (Fig. 5b), increasing the
uncertainty of our NEE and partitioned flux estimates in 2019.

Interestingly, measured and gapfilled nighttime NEE (Fig. 6d) are
higher than modelled nighttime ER at HY in all years (Fig. 6¢). This is
partly due to the use of the daytime partitioning method, in which both
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standard deviation representing the uncertainty due to the choice of u*
threshold and gapfilling. In 2019 at HY, measurements started in August, so we
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calculated as June-October sum + October sum. For the sum of post-fire NEE at
SLM, we assumed that 2019 NEE was the same as in 2020. (c) Modelled NEE
based on stand age combining data from this study, Peichl et al. (2022b) and
Chi et al. (2021), and an NEE model for Canadian boreal forests from Coursolle
et al. (2012). Shaded areas show 95 % confidence intervals for the modelled
NEE, largely overlapping for the two sites.

GPP and ER are modelled and therefore nighttime ER does not always
equal nighttime NEE (Wutzler et al., 2018). In addition, at HY, nighttime
NEE had a higher proportion of missing data (compared to the daytime)
which would lead to higher uncertainty in the temperature-sensitivity
(EO) of the Lloyd and Taylor (1994) equation, which is estimated
based on nighttime data (Wutzler et al., 2018).

3.3.4. Total carbon loss during and four years after the fire

In the first four growing seasons since the Ljusdal fire, HY has been a
net CO3 source, with NEE growing season sums ranging between 92 and
228 g C m~2 (Fig. 7b). GPP has increased every year since the fire,
leading to declining NEE growing season sums (i.e. lower C emission).
During the first four years since the fire, 614 + 59 g C m~2 was emitted
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at HY during the growing season only, compared to 484 g C m~2 lost
from combustion during the fire (Fig. 7b). The modelled recovery of NEE
since the fire at HY was almost identical to that for SLM (Fig. 7c). The
model predicted that the source to sink transition (where annual NEE
becomes 0) would occur within 13 years (8, 21; mean + 95 % confi-
dence intervals) of the fire at HY whilst it could take 32 years (19, 53) for
C losses during and after the fire to be offset by C uptake at HY.

3.3.5. Vegetation recovery after the fire

The MODIS time series shows that site greenness was increasing at
HY in the 4 years before the fire, as expected for such a young forest
(Fig. 8a). Similarly to SLM, the EVI2p,,q at HY was higher compared to
EVI2g, and EVI2j, likely due to mixed pixels in the MODIS data. The
EVI2gy for HY was lowest in 2019, the year after the fire, and has
increased linearly since then (from 0.05 to 0.13). The EVI2;; measure-
ments suggest a slower rate of recovery compared to the EVI2g, data.
Due to the patchiness of the vegetation regrowth at HY, the EVI2;s sensor
at HY may not fully capture the vegetation dynamics across the whole
site, although it does capture vegetation regrowth in the area nearest the
EC tower which has the largest impact on the flux measurements.

At HY, between 2020 and 2022, vascular vegetation cover increased
from <1 % to 4.4 % whereas bryophyte cover jumped from 1.8 % to 27
%. The most common species was Polytrichum juniperum which appeared
in all but one quadrat in 2022, followed by Chamaenerion angustifolium
(in 42 % of quadrats) and Calluna vulgaris (16 % quadrat occupancy).
The only tree species recorded were Pinus sylvestris and Betula sp. The
pine seedling density in 2022 was 2299 seedlings ha™!, and the average
height of the seedlings more than doubled between 2021 and 2022 from
24 to 52 cm.

4. Discussion
4.1. Carbon budget in the early post-fire years

As access to recently burnt forests is often restricted, very few pre-
vious studies have been able to capture a time series of flux measure-
ments during the initial years after a forest fire, when the largest C
emissions are expected. We found that Pinus sylvestris stands burnt at
high- or low-severity were net CO, sources during the first four years
post-fire. Given that hardly any vegetation remained after the fire and/
or salvage-logging, it is not surprising that our sites were net CO,
sources. Our growing season NEE sums of 128-176 g C m~2 in 2021 are
in line with a measured net emission of 132 g Cm™2 during the third year
after a stand-replacing fire in a Canadian boreal forest (Amiro et al.,
2006). The total net C emitted during the first three years after the
Ljusdal fire, between 647 and 681 g C m ™2, was a third higher than the
~440 g Cm~2 emitted during the first 3 years after a stand-replacing fire
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in a Pinus sylvestris forest in central Sweden (Granath et al., 2020) . The
difference between the estimates may be due to faster vegetation re-
covery at the site studied by Granath et al., which is further south,
and/or uncertainties in the estimates of C loss from the first year
post-fire, which were partly modelled in both studies. The 2021 growing
season C loss estimate from SLM (176 g C m’z) is within the range
observed at other boreal sites in Sweden and Canada 3 years after
clear-cut (no fire; 123-443 g C m2 yr’l; Mkhabela et al. (2009); Vestin
et al. (2020).

4.1.1. Reduction in ecosystem respiration after fire

Although our sites were net C sources after the fire, ER was lower
than at undisturbed pine sites. The growing season sums of ER we
measured were only 45-68 % of the ER of an unburnt mature Pinus
sylvestris stand in northern Sweden with similar soil type (ER = 500 g C
m? at Rosinedalsheden; Chi et al., 2021). Other boreal fire studies have
also found lower soil or ecosystem respiration after fire compared to
unburnt sites, with the lowest rates at the youngest burnt sites and after
high severity fire (Amiro et al., 2003; Goulden et al., 2011; Gui et al.,
2023). Note that both our sites had similarly low ER after the fire,
despite experiencing different fire severities. This is most likely due to
the salvage-logging of the surviving trees at SLM. If the trees at SLM had
not been salvage-logged, we would have expected the soil respiration to
be higher and similar to that of an unburnt forest, based on previous
chamber flux measurements in our study area (Kelly et al., 2021). The
salvage-logging of living trees seems to imitate the effects of a high
severity fire on ER, implying that vegetation mortality is a key driver of
post-fire respiration. These findings are reflected in previous studies of
boreal fires which have shown that post-fire ER is mainly driven by
autotrophic respiration as vegetation re-establishes (Czimczik et al.,
2006; Goulden et al., 2011; Singh et al., 2008).

Vegetation mortality not only reduces autotrophic respiration but
also the heterotrophic respiration of symbiotic soil microbes. Higher tree
mortality has been linked to higher losses of soil microbial biomass after
Swedish forest fires (Eckdahl et al. 2023). The loss of living trees at both
our sites would have significantly reduced the inputs of labile C sub-
strates from photosynthesis that microbial groups such as ectomycor-
rhizal fungi, a key group in boreal forests, depend on (Pérez-Izquierdo
et al., 2020). In addition, the death of soil microbes due to the con-
sumption of the soil organic layer during a fire can further reduce het-
erotrophic respiration and thus ER post-fire (Certini et al., 2021).

Both our sites have some coarse woody debris left behind by the fire
and/or salvage-logging but it is unclear how much this may have
contributed to ER. At SLM, the roots of the dead trees remained in the
soil and tree branches were left on site. At HY, the thin dead trees
remained standing after the fire but are increasingly falling down.
Martinez-Garcia et al. (2017) have shown that burnt tree stumps can be
hot spots of soil respiration 1-4 years after fire in Spanish pine forests.
However, others have shown that respiration fluxes are highest in more
decayed burnt wood and emphasized that it takes decades for coarse
woody or charcoaled debris to fully decompose (Bond-Lamberty et al.,
2002; Goulden et al., 2011; Yatskov et al., 2003).

4.1.2. Recovery of CO2 uptake

Surprisingly, HY already showed a notable reduction in daytime NEE
during the first growing season after fire. Drone imagery collected that
year and photos from the site confirm that patches of fireweed (Cha-
maenerion angustifolium) were starting to colonize HY. Fireweed grows
rapidly, and is the most common early pioneer species after fire in
Sweden (Gustafsson et al., 2020). It also helped drive CO, uptake after
fire in the Canadian boreal forest (Goulden et al., 2006). Both our sites
recorded their first day of net CO5 uptake within four years after the fire,
similar to results in post-fire Canadian forests (Amiro et al., 2003;
Goulden et al., 2006). The EVI2g, data indicated increased vegetation
coverage with time since the fire. At both our sites, the reduction in NEE
during the first four years since the fire was driven by the more rapid
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increase of GPP compared to ER as vegetation has established. The same
trend was identified by Amiro et al. (2003) with EC measurements from
the first decade after Canadian boreal forest fires.

4.2. Impact of post-fire forest management on the carbon balance

Our sites experienced two different strategies for post-fire manage-
ment: planting of pine seedlings (HY) and salvage-logging of surviving
trees followed by soil scarification and spreading of pine seeds (SLM).
There are no statistics available on how common these different types of
management approaches are after fire but they are part of standard
Swedish forestry practices and advice given to forest owners after the
Ljusdal fire (Skogsstyrelsen, 2018). The fact that living trees were
salvage-logged, turning SLM into a net C source, highlights the need for
research evaluating the environmental, economic and societal costs and
benefits of post-fire forest management decisions.

Both sites are recovering from the fire at a similar pace, in terms of
NEE and vegetation cover, but the recovery is driven by different
vegetation species which partly results from the choice of post-fire forest
management method. At HY, the pine seedlings have shown vigorous
growth and their density is 60 % higher at HY than SLM. Thus at HY, the
increasing GPP is likely driven mainly by the replanted seedlings, as well
as the high abundance of fireweed. At SLM however, recovery of GPP is
driven by deciduous tree seedlings such as willow, birch and European
aspen that are outcompeting the reseeded pine. The failed germination
of the pine seeds at SLM may be due to freeze-thaw pushing them out of
the scarified soil (Skogsstyrelsen, 2018). The fact that pine seedlings
were planted at HY may have been critical to them being able to survive
the harsh soil microclimate at HY compared to if seeds had been spread.
The difference in the seasonal pattern of NEE at the two sites (Fig. 5)
confirms these differences in the dominant vegetation type. At SLM, in
2022, the abrupt start of CO, uptake in June likely coincides with
leaf-out in the deciduous tree seedlings. In contrast, HY has a longer
period of net CO5 uptake than at SLM since the coniferous pine seedlings
planted at HY can begin photosynthesizing as soon as the snow melts in
spring and can continue during warm autumn days, after the senescence
of the deciduous vegetation at SLM. In the long-term, Pinus sylvestris
abundance will likely increase at SLM because it is well-adapted to the
dry, shallow soils found in these regions (Gustafsson et al., 2020). Within
5-10 years after the salvage-logging, the deciduous trees are likely to be
removed as part of standard management practices to promote the
growth of commercial pine.

4.3. Long-term recovery of the carbon balance

We predicted that it could take on average 13 years after the fire until
both sites are net neutral at the annual scale, but over three decades for
all Clost during and after the fire to have been completely offset by post-
fire C uptake at both sites (i.e. to reach the C compensation point). It
would take more than four decades if accounting for the C removed
during the post-fire salvage-logging at SLM. These estimates of recovery
time are uncertain, in part due to the simple calculation we used to
transform measured growing season NEE into annual NEE sums, the lack
of available dormant season flux measurements at HY and the missing
NEE data from the first year after the fire at SLM. The uncertainty is
reflected in the 95 % confidence intervals of the models, which, for
example, indicated that annual C neutrality could be reached within
8-21 years (mean 13 years) post-fire at both sites. The model also as-
sumes that the change in NEE with tree age at our wildfire-affected sites
will be similar to that from the unburnt sites in Peichl et al. 2022b and
Chi et al. (2021). This assumption is justified since the time taken until
disturbed boreal forests reach NEE = 0 at the annual scale is similar for
unburnt, clear-cut forest sites in southern Sweden (8-13 years) and
burnt boreal forest sites in Canada (10-18 years) and Alaska (13 years;
(Coursolle et al., 2012; Grelle et al., 2023; Ueyama et al., 2019). Our
mean modelled estimates of the time needed to reach the C
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compensation point (32-46 years) are notably longer than the 18 years
needed to reach the C compensation point in northern Swedish forests
after clear-cutting (Peichl et al., 2022b). Although there is significant
uncertainty in these estimates (95 % confidence intervals 19-53 years at
HY and 31-70 years at SLM), they nevertheless highlight the potentially
long-lasting effects of the fire and salvage-logging.

4.4. Relative carbon losses during and after fire

There are very few in-situ measurements comparing the relative
importance of C emissions during and after fire in boreal forests. Studies
of forest fires in Sweden and Alaska have shown that the cumulative
post-fire C emissions during the first 3-13 years after fire only account
for up to a third of the C lost during a fire (Granath et al., 2021; Ueyama
et al., 2019). At our sites however, C emissions from the first four
growing seasons after fire (mean of both sites 653 g C m™~2) were higher
than the direct fire C emissions (mean of both sites 457 g C m_z). There is
some uncertainty in the absolute value of direct fire C loss at SLM
because the estimate is based on data from a nearby, similar low-severity
fire site. Nevertheless, our post-fire C loss estimates are within the range
of direct fire C losses from 50 low to moderate severity forest fires that
occurred across Sweden in 2018 (mean 815625 g C m~2 Eckdahl et al.
(2022). Our results therefore underline the importance of C emissions
during the initial years after fire when calculating the net impact of fire
on the C budget of managed boreal forests. Only including the CO; fluxes
should account for the vast majority of the C lost since the fire because
measurements of soil CHy fluxes from the study area show a negligible
CH4 uptake (Kelly et al., 2021) and loss of C via leaching is likely to be
minimal (Granath et al., 2021)

Our estimates of direct C loss from the fire are low compared to C
combustion from fires in Siberian pine and larch forests (1.69-3.36 kg C
m’Z; Veraverbeke et al. (2021) and those in Canadian jack pine and
black spruce forests (1.3-3.6 kg C m~2; Dieleman et al. (2020); Santin
et al. (2015), and very low compared to the 2014 Vastmanland fire in
central Sweden (4.5 kg C m’z; Granath et al. (2021). Our C combustion
estimates are lower because of the combination of our site and fire
characteristics. The forests in our study area only have a thin forest floor
layer which is underlain by shallow, nutrient-poor sandy soils, which
reduced C emissions during fire compared to the C emissions from boreal
forests on peat or deep organic soil layers, such as those affected by the
Vastmanland fire (Granath et al., 2021). Furthermore, SLM experienced
low-severity ground fire, which is common across Eurasia but contrasts
with the stand-replacing fires of boreal North America that tend to have
higher C emission rates and higher combustion of soil C (De Groot et al.,
2013; Veraverbeke et al., 2021). At HY, on the other hand, the trees were
only 10 years old at the time of the fire, leaving little time for forest floor
C and vegetation biomass to accumulate since the previous clear-cut.
Monitoring the C budget of stands like HY which have been affected
by multiple disturbances before the stand can fully recover (in this case
clear-cutting followed by fire 10 years later) is critical because distur-
bance frequency and land use change are intensifying. As a result, forests
around the world are becoming younger (McDowell et al., 2020). Our
findings highlight the significance of monitoring post-fire recovery in
the managed forests of the Nordic countries, where low-severity fire,
multiple disturbances (fire and logging) and a thin forest floor layer can
combine to increase the importance of emissions after fire relative to the
direct emissions from combustion.

5. Conclusions

Although fire suppression has been highly successful in Sweden for
over a century, the high number of forest fires in 2018 highlighted the
vulnerability of these forests to future summer droughts and extreme fire
seasons that could overwhelm available firefighting resources. The
fierce debate around the carbon sequestration potential, as well as the
economic significance, of Sweden’s intensively managed forests
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emphasizes the importance of studies assessing how disturbances impact
these forests. We have presented the first detailed assessment of CO,
fluxes after forest fire in the Nordic boreal forest and helped fill the gap
in measurements of forest carbon (C) fluxes during the early years after a
fire. Both our Pinus sylvestris sites were net carbon sources for the first
four growing seasons after the fire, and we predict that it will take at
least a decade before they become carbon neutral at the annual scale,
and over three decades before the cumulative fire and post-fire C losses
are fully recovered. We have shown that in young stands affected by
high-severity fire and in mature stands affected by low-severity fire with
subsequent salvage-logging, post-fire carbon losses can outweigh direct
fire carbon emissions within the first four years after fire. Our results
provide a crucial benchmark for modellers seeking to predict the effects
of low-severity fires and fires in managed boreal forests. While man-
agement decisions related to salvage-logging had a large impact on post-
fire C loss, decisions on how to replant stands had less of an impact on
the carbon balance of recovering sites during the first few years after
fire. Ongoing research in the Ljusdal fire area will further disentangle
the effect of management and fire severity on ecosystem and soil carbon
fluxes, nutrient cycling and microbial recovery since the fire.
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